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I. Use and Production

Alkylphenol ethoxylates (APEs; Figure 1) are nonionic surfactants that have been used
since the 1940s as detergents and emulsifiers in domestic, industrial, and institutional
applications, including paper production, leather and textile processing, and cleaning products.
APEs have also been used as an adjuvant in some pesticide formulations (Siemering et al., 2008).
In 1997 (the most recent estimate available), it was estimated that approximately 80% of the
APEs in use were nonylphenol ethoxylates (NPEs) and 20% were octylphenol ethoxylates
(OPEs) (Chiu et al., 2010). The majority of use was in industrial applications (~55%), followed
by industrial and institutional cleaners and detergents (~30%) and household and personal care
products (~15%).

The use of APEs has been restricted in many countries due to concerns about the
environmental effects of APE breakdown products, particularly nonylphenol (NP). Switzerland
banned the use of NPEs in domestic laundry detergents in 1986. Several other countries in the
European Union (EU) also banned or restricted the use of NPEs, NP, and/or APEs in the 1990s
and early 2000s. In 2000, Canada added NP and NPEs to their Toxic Substances List and
required users of these compounds to develop and implement Pollution Prevention Plans to
reduce concentrations in the environment. In 2005, the EU restricted the use of NP and NPEs in
a variety of products.

There are currently no regulatory restrictions for the use of APEs in the United States
(US), though some US companies have voluntarily phased out their use in their products.
Procter and Gamble eliminated the intentional use of NP and NPEs in consumer products for the
majority of their usage volume in the 1990s. In 2006, Wal-Mart announced that it would phase-
out products that contain NPEs and JohnsonDiversey/SC Johnson reportedly stopped using
APEs. The Textile Rental Services Association, which represents 98% of the industrial laundry
facilities in the US, recently committed to voluntarily phase out the use of NPEs in industrial
liquid detergents by the end of 2013 and industrial powder detergents by the end of 2014. In
2010, the USEPA released a Chemical Action Plan for NP and NPEs, which outlines steps EPA
intends to take to address the risks associated with these chemicals (US EPA, 2010). These steps
include the support and encouragement of the ongoing voluntary phase-out of NPEs in industrial
laundry detergents and the consideration of future regulatory action. In June 2010 the
Industrial/Institutional laundry industry pledged to eliminate the use of NPE surfactants. The
current deadline for complete phase-out in all liquid detergents is December 31, 2013, and in all
powder detergents, December 31, 2014 (US EPA, 2012).

The US demand for NP, which is used to produce NPEs, was estimated to be 380 million
pounds in 2010 (USEPA, 2010). This is within the range for the reported production volume
reported under the EPA Inventory Update Rule (IUR) in 2006, which ranged from approximately
100 to 500 million pounds. US and Canadian consumption of NPE surfactants has been
estimated between 300 and 400 million pounds per year (USEPA, 2010). US production volumes
for branched NP did not change between 1986 and 2006 (100-500 million pounds), but the
reported production volumes for linear NP, which are not used in detergents, have decreased
during that time (100-500 million pounds in 1986 to <500,000 pounds in 2006). Because
information on production and use of NP and NPEs is limited, it is not clear if the overall



consumption of NPE surfactants in the US has decreased as a result of the NPE phase-outs.
Production volumes were not available for OP or OPEs.

Figure 1: Chemical structures of nonylphenol and related products
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A variety of substitutes are available for NPEs, though information on the extent of their use in
the US is not readily available (Toxecology Environmental Consulting Ltd., 2002; USEPA,
2010). Alcohol ethoxylates are the most common replacement and are considered to be
environmentally safer because they are readily biodegradable and their biodegradation
intermediates are less toxic than the parent compounds. The USEPA has recently completed a
draft alternatives assessment for NPEs (http://www.epa.gov/dfe/pubs/projects/npe/index.htm).

II. Fate in Wastewater Treatment Plants (WWTPs)

In WWTPs, APEs are biodegraded to form NP, octylphenol (OP), mono-, di-, and tri-
ethoxylates (e.g. NP1Es, NP2Es, NP3Es), and alkylphenoxy carboxylates (APECs). Most studies
of the fate of APEs in WWTPs have focused on NPEs and NP, due to their extensive use,
frequency of detection in WWTPs, and toxicity. Removal efficiencies depend on the WWTP
location and type of treatment, and have been reported to vary between 50 and 99% for APEs in
general (Staples et al., 2001), 47 to 99% for NPEs (Ying, 2006), and 9 to 94% for NP
specifically (Soares et al., 2008). In US WWTPs, removal efficiencies are often higher and have
been estimated to range from 93 to 99% for NPEs and 72 to 97% for OPEs (Ying et al., 2002;
Loyo-Rosales et al., 2007). Degradation of APEs during wastewater treatment complicates
removal efficiency estimates because the breakdown products may be present in higher
concentrations in the effluent than influent (Ahel et al., 1994; Loyo-Rosales et al., 2007).
Studies have indicated that removal of NP from wastewater can be enhanced by adding activated
carbon filters, UV treatment, and ozonation to existing treatment processes (Soares et al., 2008).
To more efficiently remove APECs from wastewater, Chiu et al. (2010) suggest improving
biological treatment processes and optimizing their operating conditions (e.g., solid retention
time) as part of tertiary treatment.

Sorption to sludge, as a consequence of high affinities for organic matter, and biological
degradation are the major removal mechanisms for APEs during wastewater treatment. The fate
of APEs has been most extensively studied in Europe, where NP concentrations in sludge have
been extremely variable (0.02 to 2530 µg/g dry weight; review in Soares et al., 2008). Few
studies have been conducted in the US. In 2001, La Guardia et al., (2001) investigated
concentrations of APE degradation products (NP, OP, NP1E, NP2E) in biosolids from 11 US
WWTPs, including anaerobically digested sludge samples from five California WWTPs.
Concentrations were lowest in composted biosolids (6 to 176 µg/g dry weight, sum total) and
highest in the anaerobically digested samples (721 to 981 µg/g dry weight). In the majority of
samples, NP was the most abundant compound detected (>84% of the total), followed by NP1E
and NP2E, and then OP. Anaerobically digested sludge samples from New York WWTPs
contained NP concentrations (range 1100 to 1800, mean 1500 µg/g) that were approximately



twice as high as those in the California WWTPs from the La Guardia et al. (2001) study (Pryor et
al., 2002), suggesting concentrations may also be widely variable in the US.

Despite high removal efficiencies under some treatment conditions, APEs and their
degradation products are commonly detected in WWTP effluent. Studies of wastewater effluents
in Europe, Asia, and Canada have reported concentrations of NP ranging from below detection to
343 µg/L, with most ranging from 0.2 to 2 µg/L (Soares et al., 2008, Ying et al., 2002). In the
US, NP concentrations in municipal effluent have generally ranged from 0.2 to 37 µg/L (Hale et
al 2000; Ying et al. 2002; Loyo-Rosales et al. 2007; Lubliner et al., 2010). Longer chain APEs,
such as NP1E and NP2E, have been analyzed in a few studies and are often present in effluents
at concentrations higher than their respective alkylphenols (e.g., NP) due to their higher water
solubility (Loyo-Rosales et al., 2007; Glassmeyer et al., 2005). OP and OPEs, which are used in
lower volumes and are less frequently analyzed, are typically present in concentrations one order
of magnitude lower than NP and NPEs (Loyo-Rosales et al., 2007). APECs, which have been
investigated less frequently, dominate the metabolite profile in effluents when analyzed (Loyo-
Rosales et al., 2007; Chiu et al., 2010). NP has also been detected in wastewater effluents from
industrial facilities and shipyards that have received little or no pre-discharge treatment (Hale et
al., 2000).

III. Fate and Occurrence in the Environment

Surface Waters

Discharges from WWTPs have been identified as the major source of APEs and their
degradation products to aquatic environments, though atmospheric deposition (Fries and
Puttmann, 2004), urban runoff (King County, 2007; Bjorkland et al., 2009), and direct discharge,
such as application of pesticides to aquatic vegetation (Siemering et al., 2008) may also be
important pathways. Studies suggest that once in the water column, these compounds can be
removed via particle sorption and settling (Ferguson et al., 2001) and undergo photolysis (Ahel
et al., 1994), volatilization (Dachs et al., 1999), and microbial degradation (Montgomery-Brown
and Reinhard, 2003). It is well established that long chained APEs are readily biodegradable, and
that the majority of this degradation occurs during wastewater treatment, but the ultimate
environmental fate of the degradation products is not well understood and the evidence for
further degradation of these compounds in aquatic environments is not consistent (Montgomery-
Brown and Reinhard, 2003). Studies have reported a wide range of degradation rates, which are
dependent on the test system and experimental conditions and are complicated by the formation
of various metabolites (Ying et al., 2002). The half-lives for NPEs and other degradation
products in water have been estimated as varying from 4 to 58 days.

Since the 1980s, numerous studies have analyzed APEs and their degradation products in
surface waters around the world (Chiu et al., 2010; Loyo-Rosales et al., 2010; Bennie, 1999;
Soares et al. 2008). Most of these studies have been conducted in Europe and Asia, with only a
small number of studies reporting APE concentrations in the US and Canada. Differences in the
compounds analyzed and the analytical methods used in each study complicate comparisons of
occurrence data among locations. For surface waters in particular, studies report either dissolved



phase or whole water (i.e., dissolved plus particulate) concentrations, further complicating
comparisons.

NP, NP1E, and NP2E were the compounds most frequently analyzed and detected in
surface waters, with concentrations in the US generally ranging from below detection to 3 µg/L.
The exception was a 1999-2000 US stream survey which detected maximum concentrations of
40, 20, and 9 µg/L for NP, NP1E, and NP2E, respectively, though this study targeted
wastewater-receiving streams in highly urbanized areas (Kolpin et al., 2002). Concentrations of
OP, OP1E, and OP2E are generally at least an order of magnitude lower and have ranged from
below detection to 0.3 µg/L in US surface waters. The US stream survey by Kolpin et al. (2002)
was again an exception, with maximum concentrations of 2 and 1 µg/L for OP1E and OP2E,
respectively (OP was not analyzed). It should be noted that these studies have typically targeted
surface waters expected to be highly impacted by wastewater effluent. NP was recently detected
at a maximum concentration of 0.3 µg/L in marine waters of Puget Sound, which may be more
representative of urban estuarine conditions (King County, 2007).

Due to their relatively high water solubility, APECs are the dominant degradation
product in surface waters when measured, reflecting the pattern also observed in effluents. In the
few US studies that have analyzed APECs in surface waters, NP1EC and NP2EC concentrations
ranged from below detection to 31 µg/L.

Three recent studies have analyzed APEs and related compounds in California surface
waters. In the effluent-dominated Santa Ana River, concentrations of APs (individual NP and OP
data not reported) and APECs ranged from 0.05 to 0.4 µg/L and 1 to 14.8 µg/L, respectively,
though APEs were not detected (Lin et al., 2006). In Southern California in 2006 and 2007, the
Southern California Coastal Water Research Project (SCCWRP) detected NP and OP in bottom
water near ocean wastewater outfalls at concentrations in the low ng/L range (unpublished data).
Lastly, NP was recently detected in Morro Bay by Dr. Lars Tomanek’s research group at
California Polytechnic State University at concentrations ranging from 0.1 to 0.9 g/L, with the
majority of samples at or near the detection limit (0.1 g/L). However, NP concentrations in
water samples from a Morro Bay tributary receiving municipal wastewater effluent were 1.3 and
3.4 g/L (all unpublished data).

Surface Sediments

Compared to APEs and APECs, which are water soluble, APs and other APE degradation
products are relatively hydrophobic (log Kow 3.9-4.5) and therefore primarily adsorb to organic
matter and mineral components in suspended and bed sediments. Researchers generally agree
that the majority of APE biodegradation occurs during wastewater treatment, that formation of
alkylphenols occurs only under anaerobic conditions, and that the degradation products are stable
and persistent compared to their precursors (Ying, 2006). However, there is disagreement
regarding the extent of biodegradation that may occur in the environment (Montgomery-Brown
and Reinhard, 2003). It has been reported that aerobic conditions facilitate further
biotransformation of APE degradation products more readily than anaerobic conditions, but this
is an area that is not well understood (Ying, 2006). A half-life of more than 60 years has been
estimated for total NPEs, including NP, in marine sediments and it has been suggested that once



these compounds are incorporated into marine sediments, degradation does not occur very
rapidly, if at all (Shang et al., 1999; David et al., 2009)

Similar to studies of occurrence in surface waters, the majority of studies of APE
occurrence in sediments have been conducted in Asia and Europe and most have been conducted
in freshwater environments. In US marine sediments, concentrations of NP, NP1E, and NP2E
have ranged from 7 to 13,700, 12 to 13,300, and 3 to 3,600 ng/g dry weight, respectively, with
the highest concentrations reported in the highly sewage-impacted Jamaica Bay, NY (reviewed
in David et al., 2009). Estuarine marshes in Savannah, GA contained among the lowest
concentrations of NP (< 0.3-18 ng/g dry weight; Senthil Kumar et al., 2008). In US rivers,
maximum concentrations of NP and NPEs were observed in sediments collected near an oil
company in Detroit (60,000 ng/g), a federal aerospace research facility (14,000 ng/g), and
sewage treatment plants (12,400 ng/g); however, most concentrations were below 1000 ng/g
(Naylor et al., 1992; Hale et al., 2000; Kannan et al., 2001; Rice et al., 2003). Similar to surface
waters, concentrations of OP and OPEs were generally detected at concentrations at least an
order of magnitude lower, which reflects the higher volume use of NPEs.

A few studies have investigated APEs concentrations in sediments collected in California
coastal waters. In the Southern California Bight, sediments were collected in 2003 near ocean
wastewater outfalls and a reference site (Schlenk et al., 2005). The Orange County Sanitation
District sediments had the highest NP (3,200 ng/g) and NPE concentrations (330–3,900 ng/g),
while concentrations at the other sites were consistently lower (NP 122 to 198 ng/g and NPEs 2
to 92 ng/g). In a similar study conducted by SCCWRP in 2006 and 2007, NP was detected in
most samples of sediment and ranged from ~80 to 800 ng/g dry weight (unpublished data). NP
was also recently detected in sediments collected from Morro Bay by the Tomanek research
group at California Polytechnic State University. Concentrations ranged from below detection to
158 ng/g dry weight, with most concentrations between 40 and 60 ng/g dry weight (unpublished
data).

Wildlife and Humans

APE degradation products have been observed to accumulate in wildlife in marine and
freshwater environments around the world (Rice et al., 2003; Soares et al., 2008; David et al.,
2009). Most studies have been conducted in Europe and Asia with only a very small number
conducted in the US. These studies have primarily focused on NP and OP because of toxicity
concerns and their lipophilic and persistent nature, though accumulation of NP1E, NP2E, OP1E,
OP2E, and APECs has also been reported. Among the highest concentrations in wildlife ever
reported were in a freshwater river receiving secondary wastewater effluent in Switzerland (Ahel
et al., 1993). In this study, concentrations in algae (maximum 38000, 80000, and 28000 ng/g dry
weight for NP, NP1E, and NP2E, respectively) were higher than those in fish (maximum 2000,
7000, and 3000 ng/g dry weight for NP, NP1E, and NP2E, respectively). These results are
consistent with other studies indicating that these compounds do not biomagnify in foodwebs.
Studies have indicated that NP and OP can be rapidly metabolized in fish to polar byproducts so
lower concentrations compared to other degradation products and other types of organisms have
been observed (Arukwe et al., 2000; Ferrara et al., 2008; Rice et al., 2003). In US rivers, NP and
NPEs have been frequently detected in fish at concentrations as high as ~2000 ng/g wet weight



(Rice et al., 2003 and references therein). Regarding accumulation in invertebrates, marine
bivalves worldwide have typically contained NP concentrations ranging from 2 to 5000 ng/g dry
weight, though the majority were less than 700 ng/g (David et al., 2009). A study of benthic
invertebrates in Lake Ontario indicated that in addition to NP, significant accumulation of
APECs may also occur (Mayer et al., 2007). In the only available study conducted in a US
estuary, oysters in Savannah, GA contained concentrations of 2 to 20 and 2 to 10 ng/g dry weight
for NP and OP, respectively (Senthil Kumar et al., 2008). NP and OP have also been detected in
human urine samples as high as approximately 2000 ng/L (Calafat et al., 2005; Calafat et al.,
2008). To our knowledge, APEs in bird eggs have not been reported in the peer-reviewed
literature.

Two studies have investigated APEs concentrations in wildlife collected from California
coastal waters. SCCWRP analyzed benthic fish livers collected near ocean wastewater
discharges in Southern California in 2006 and 2007 and detected NP and OP in most samples
(~80-100 ng/g wet weight). NP was also recently detected in wildlife collected from Morro Bay
and other west coast estuaries by the Tomanek research group at California Polytechnic State
University (unpublished data). Average concentrations in Morro Bay oysters and mussels were
204 and 290 ng/g wet weight, respectively. Average concentrations in small fish from all the
estuaries studied ranged from 105 to 220 ng/g wet weight. Average NP concentrations in liver
samples from Morro Bay fish, seabird, and marine mammals were much higher, ranging from
~300 to 5000 ng/g wet weight.

IV. Toxicity

Exposure to APE degradation products can result in acute and/or chronic toxicity to
aquatic organisms, though the potential for estrogenic effects at low µg/L concentrations is the
primary concern (reviewed in Servos, 1999). Studies have demonstrated that APEs compete for
the binding site of the natural estrogen receptor in vertebrates and can elicit a variety of
responses, including induction of vitellogenin, an egg yolk precursor protein normally only
expressed in females. Estrogenic responses that have been observed in fish and invertebrates
exposed to APE degradation products include decreased growth and weight, suppressed gonad
development, altered sex hormone concentrations, altered sex ratios, development of mixed
secondary sex characteristics, and larval deformities. OP is the most estrogenic APE degradation
product but has been estimated to be 100 to 1,000 times less potent than 17β-estradiol, the
natural vertebrate estrogen, and is thus considered weakly estrogenic (Montgomery-Brown and
Reinhard, 2003). NP is approximately 25% less estrogenic than OP, with NP1E and NP2E only
slightly less estrogenic than NP. Because of the similarity in mode of action, it is considered that
estrogenic effects of APEs and their degradation products are at least additive, and can act in
conjunction with natural estrogens and other synthetic compounds (Sumpter and Jobling, 1995;
Brian et al., 2007). It has also more recently been established that NP has androgenic activity in
vertebrates (Lee et al., 2003).

Acute, chronic, and endocrine disruption effects on aquatic organisms have generally not
been observed at water concentrations below 1 µg/L for any of the APE degradation products
and most effects have been observed at much higher concentrations (~10-3000 µg/L; Servos,



1999; Langston et al., 2005). An exception to this was the observation of reduced settlement in
barnacle larvae at 0.06 µg/L of NP (Billinghurst et al., 1998). Induction of vitellogenin in fish in
a long-term exposure to 1 g/L of NP has also been reported (Ackermann et al., 2002). Among
marine organisms, gastropods and bivalves appear to be the most sensitive to the effects of NP
and OP, followed by fish, other invertebrates, and then algae (Staples et al., 2004; Van Miller
and Staples, 2005). In general, decreasing ethoxylate chain length has been correlated with
increasing toxicity. The relative toxicities for NPEs have been estimated to be 1, 0.5, 0.005 and
0.005 for NP, NP1EO and NP2EO, NP3–17E, and NP1EC and NP2EC, respectively (Servos et
al., 2003).

Toxicity concerns have led to the development of water and sediment quality guidelines
for the protection of aquatic life. In 2005, the USEPA established water quality criteria of 7.0
µg/L (acute) and 1.7 µg/L (chronic) for NP in saltwater and 28 µg/L (acute) and 6.6 µg/L
(chronic) for NP in freshwater (USEPA, 2005). In 2001, Environment Canada developed interim
guidelines of 1.4 and 1.0 µg/g dry weight for NP and its ethoxylates in freshwater and
marine/estuarine sediments, respectively (Environment Canada, 2007). In 2002, they developed
guidelines of 1.0 and 0.7 µg/L for NP and its ethoxylates in freshwater and marine waters,
respectively. To account for exposure to mixtures of these compounds, Environment Canada
developed a toxic equivalency (TEQ) approach so that the environmental concentrations of
NP/OP, NPEs/OPEs and NPECs/OPECs can be expressed in terms of NP equivalents, and the
sum of these concentrations can then be compared against the guidelines. The European Union
has established Environmental Quality Standards of 0.3 µg/L (annual average) and 2.0 µg/L
(maximum allowable concentration) for NP in all surface waters, and 0.1 µg/L and 0.01 µg/L
(annual average only) for OP in inland and other surface waters, respectively (European
Parliament and Council, 2008).

V. Potential Impact in San Francisco Bay

Bay Data

As part of a 2002 and 2003 pilot study, the RMP analyzed NP in sediment, water, and
bivalve samples collected as part of the annual Status and Trends monitoring. NP was not
detected in sediments (detection limit 0.5 ng/g dry weight). Concentrations in surface waters
ranged from 0.005 to 0.073 µg/L, with the highest concentrations observed in Central Bay. NP
was rarely detected in bivalves and when detected concentrations were highly variable. In 2002,
the highest concentration was observed in mussels at the reference site near Bodega Bay (150
ng/g dry weight). In 2003, NP was detected at three stations in concentrations ranging from 316
to 917 ng/g dry weight with the highest values detected in resident clams from the two river
stations located on the San Joaquin and Sacramento rivers.

In 2002 and 2004, Double-crested cormorant eggs were collected from three locations in
the Bay (Wheeler Island, Richmond Bridge, and the Don Edwards National Wildlife Refuge) as
part of a RMP pilot study. Composites (10 eggs/composite; 2 composites/site) were analyzed for
a variety of chemical contaminants, including NP (Davis et al., 2006). One composite each from
the Richmond Bridge and Don Edwards sites from 2002 were the only samples with detectable



NP concentrations (method reporting limit 10 ng/g wet weight). Concentrations of NP were 60
and 120 ng/g wet weight in the Richmond Bridge and Don Edwards composites, respectively.

In 2009, Dr. Lars Tomanek’s research group analyzed NP in arrow gobies collected from
West Coast estuaries, including fish from four locations in San Francisco Bay collected in 2006
(Diehl et al. 2012). The Bay sites were Point Isabel Regional Shoreline (near Berkeley, CA),
Candlestick Point State Recreation Area (near San Francisco, CA), Martin Luther King Jr.
Regional Shoreline (near inner Oakland Harbor), and Bird Island (near Foster City, CA).
Concentrations of NP in the gobies ranged from 50-420 ng/g wet weight, with the highest
concentrations observed in gobies at Bird Island (two composites; 200 and 420 ng/g wet weight).

In January 2010, whole water, sediment, and resident mussel samples were collected
from five nearshore sites in the Bay (Central, South, and Lower South Bays) and analyzed for
NP, OP, NP1EO, and NP2EO as part of a pilot study investigating contaminants of emerging
concern.

• NP was detected in surface water from three sites at concentrations ranging from 0.035 to
0.073 µg/L (detection limit 0.01 µg/L), similar to those collected from the Bay in 2002
and 2003. OP, NP1EO, and NP2EO were not detected in water samples (detection limits
ranged from 0.001 to 0.023 µg/L).

• NP was consistently detected in sediments at concentrations ranging from 20 to 90 ng/g
dry weight (mean 50 ± 30 ng/g), with the highest concentration detected in the Lower
South Bay. Higher concentrations in the 2010 samples compared to the 2002/2003
analysis may be the result of an increase in concentration over time or analytical method
differences. Concentrations of NP1E and NP2E in sediments ranged from 4 to 40 ng/g
(mean 20 ± 10 ng/g) and <1 to 20 ng/g (mean 9 ± 7 ng/g), respectively. OP was not
detected in sediment samples (detection limits <0.3 ng/g).

• NP was detected in mussel tissue at two sites (both ~90 ng/g wet weight in the Central
and South Bays. At the Central Bay site where NP was detected (San Leandro Bay),
concentrations of NP1EO and NP2EO in mussels were 40 and 200 ng/g, respectively.
NP1EO and NP2EO were not detected in mussels at any other sites (maximum detection
limits 30 and 3 ng/g, respectively) and OP was not detected at any site (maximum
detection limit 0.2 ng/g). Laboratory blank contamination prevented low level
quantification of these compounds at most sites.

A sediment porewater concentration for NP was estimated using the maximum sediment
concentration detected in the Bay, an average Bay sediment organic carbon content (~1.5%), and
the organic carbon normalized sediment-water partitioning coefficients (Koc), recognizing that a
number of factors such as fluctuating pH and salinity, and the organic carbon content and quality
of sediments may influence these estimates and result in some variation and uncertainty. Using a
Koc of 141,254 (Sekela et al., 1999), the estimated maximum porewater concentration was 0.04
g/L for NP.

Potential Impact



Concentrations of NP and its ethoxylates in San Francisco Bay are generally well below
concentrations expected to elicit toxic effects in aquatic organisms. The maximum NP surface
water concentration detected in the 2010 RMP pilot study (0.07 µg/L) was more than 20 times
lower than the USEPA water quality criteria for NP (1.7 µg/L), more than 25 times lower than
the maximum allowable concentration permitted by the EU (2.0 µg/L), and four times lower than
the annual average concentration permitted in EU surface waters (0.3 µg/L). Using the TEQ
approach developed by Environment Canada, the maximum concentrations of NP and its
ethoxylates in Bay waters and sediments (0.07 g/L and 0.12 g/g dry weight, respectively)
were an order of magnitude below the water and sediment quality guidelines developed by that
agency to be protective of aquatic life. Maximum concentrations of NP in Bay surface waters
were, however, comparable to the concentration observed to impact barnacle settlement in a
laboratory study (0.06 µg/L) (Billinghurst et al., 1998). Concentrations of NP in Bay cormorant
eggs were two to three orders of magnitude below concentrations observed to adversely impact
Japanese quail embryos (Razia et al., 2006).

Though the concentrations observed to date at the nearshore sites studied generally
indicate that APEs are not likely to impact Bay wildlife, water and sediment closer to wastewater
or stormwater outfalls in the Bay may contain higher concentrations of APEs which may
increase the likelihood of impacts. Among the nearshore sites sampled in 2010, only two (Cooley
Landing and Foster City) were within 5 km of a WWTP outfall. Studies suggest that effects from
APEs and their degradation products may be additive; thus organisms living in wastewater
receiving waters may be the most susceptible to impacts, particularly since they are continuously
exposed to the many estrogenic substances that have been identified in wastewater effluent. Few
studies have investigated the potential for sub-lethal impacts on populations due to long-term
exposures to low concentrations of APEs and their degradation products and these would be
needed to thoroughly assess their risk to wildlife in the Bay.

VI. Key Information Gaps

• More information is needed on the potential effects on Bay wildlife due to long-term
exposure to APEs concentrations that are typically found in aquatic environments. As
estrogenic compounds, APEs may contribute to the combined impact of the potential
presence of several estrogenic compounds in the Bay.

• More information is needed on the concentrations of APEs and their degradation products in
sediment and biota near Bay Area treatment plant outfalls, where exposures are anticipated to
be highest.
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